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Abstract 9 

The increasing accumulation of toxic heavy metals in the environment has 10 

generated the need of efficient removal systems, being the adsorption method the most 11 

popular one applied in aqueous solutions. Of particular concern is the case of Pb2+, Cd2+ 12 

and Hg2+ due to their high potential hazard. In this paper, we describe the feasibility of a 13 

new family of nanomaterials, swelling high charge micas, in the removal of these cations 14 

from aqueous solutions. Batch adsorption experiments were carried out in the as-made 15 

micas, Na-Mn, and after functionalization with ethylammonium, EA-Mn, and 16 

mercaptoethylammonium, MEA-Mn. The results have demonstrated that all of them are 17 

efficient heavy metal adsorbents, being Na-M2 the best adsorbent for Pb2+ and Cd2+
, and, 18 

MEA-M2 for Hg2+. 19 
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1. Introduction 25 

Industrialization has led to the accumulation in the environment of toxic heavy 26 

metals, such as Cr6+, Ni2+, Pb2+, Hg2+ and Cd2+, causing severe environmental problems 27 

and damaging human health (Volesky, 1990; Yuan et al., 2020; Zhang et al., 2020). 28 

Among them, Pb2+, Cd2+ and Hg2+ stand out due to their high potential hazard and their 29 

presence in soils and close to aqueous effluents (Sun et al., 2020; Volesky, 1990). 30 

Conventional methods such as soil washing (Sierra et al., 2010), cement-based 31 

solidification/stabilization (Shen et al., 2019), containment (NJDEP, 2014) and 32 

electrokinetic removal (Figueroa et al., 2016) have been used for the remediation of soils 33 

with heavy metals contamination. However, great efforts are still demanding to remove 34 

them from contaminated water and wastewater (Bailey et al., 1999; Farid et al., 2020; 35 

Inglezakis et al., 2007; Shaikhiev et al., 2020). 36 

Adsorption is highlighted as one of the preferred methods for the elimination of 37 

toxic contaminants (heavy metals, among others) from aqueous systems, being an 38 

effective and economic technique for their removal, recovery and recycling. Several 39 

materials have been tested to maximise the adsorption capacity of heavy metal cations 40 

(Tran et al., 1999). Conventional adsorbents such as granular or powdered activated 41 

carbon are technically inefficient and economically unviable. Consequently, non-42 

conventional materials (Ezzat et al., 2020; Shaikh, 2020; Shaikhiev et al., 2020), such as 43 

synthetic and natural fly ash (Mathur and Rupainwar, 1988; Yang et al., 2020), lignite 44 

(Balasubramanian and Ahamed, 2000), tree fern (Ho, 2003), peanut shell (Periasamy, K, 45 

Namasivayam, 1994) or peat (Ho, Y S, Ng, J C Y, McKay, 2001) have been used for this 46 

purpose.  47 

Clay minerals are widely used as adsorbents as they are the major soil constituents 48 

and act as natural scavengers for pollutants in water through both ion exchange and 49 
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adsorption mechanisms. Moreover, their compositional and structural characteristics are 50 

crucial for their adsorption capacities. First, cation exchange capacity (CEC) is different 51 

for each clay minerals and determines their adsorption capacity through this mechanism 52 

(Grim, 1968). Second, the location of isomorphous substitution in the clay layer is an 53 

important factor affecting both hydration and cation speciation in the interlayer space, 54 

determining the strength of the Lewis base (Malferrari et al., 2007). 55 

Alba et al. (Alba et al., 2006) have synthetized a new family of clay minerals that 56 

has been demonstrated to be attractive adsorbents. These synthetic fluorophlogopites 57 

have layer charge in the range of the brittle micas but unlike the natural ones, they exhibit 58 

swelling properties and cation exchange capacity (Naranjo et al., 2014). Those as-made 59 

micas, Na-Mn (n is the layer charge which derives from the tetrahedral Si+4/Al+3 60 

substitutions and can be found between 2 and 4), have exhibited excellent capacity for 61 

the removal of radioactive cations and organic pollutants from wastewater (Alba et al., 62 

2006; García-Jiménez et al., 2016; Osuna et al., 2019b, 2018; Pazos et al., 2017) and are 63 

promising materials for heavy metal removal, although their efficiency has not been 64 

proven yet.  65 

However, raw clay minerals have shown poor stabilization performance, as the 66 

immobilized metals can be exchanged and released in the long term (Ugochukwu et al., 67 

2013). Then, in order to improve their adsorption capability, their surfaces have been 68 

functionalized by inserting functional groups and organic molecules such as  69 

alkylammonium cations (Bhattacharyya and Sen Gupta, 2008; Osuna et al., 2019b; Pazos 70 

et al., 2017), L-cystein (Mittal et al., 2016) and humic acid (Wu et al., 2011).   In fact, 71 

different adsorption sites are observed when the functionalization is produced by grafting 72 

organic groups, mainly thiol or amine functional groups (Cruz-Guzman et al., 2006; Lin 73 

and Juang, 2002; Malferrari et al., 2007; Mercier, L, Detellier, 1995; Shah et al., 2005). 74 
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Therefore, the aim of the present study was, on the one hand, to investigate the 75 

feasibility of using a family of design swelling high-charge micas, Na-Mn, before and 76 

after the functionalization with ammonium and thiol groups, for removal of Pb2+, Cd2+ 77 

and Hg2+ from aqueous solution and, on the second hand,  to analyse the different removal 78 

mechanisms.   79 

 80 

2. Materials and methods 81 

2.1. Materials 82 

As-made Na-Mn (n is the layer charge equals to 2 or 4) were synthetized by 83 

mixing SiO2, Al2O3, MgF2, and NaCl in the molar ratio 8-n:n:6:2n. The starting materials 84 

were SiO2 from Sigma (CAS no. 112945-52-5, 99.8% purity), Al(OH)3 from Sigma 85 

Aldrich (CAS no. 21645-51-2, 99% purity), MgF2 from Aldrich (CAS no. 20831-0, 98% 86 

purity), and NaCl from Panreac (CAS no. 131659, 99.5% purity). All reagents were 87 

mixed and ground in an agate mortar and heated up to 900 °C for 15 h in a Pt crucible. 88 

Finally, the solids were washed with deionized water and dried at room temperature (Alba 89 

et al., 2006) 90 

The chemical products used for the preparation of the organoclays were obtained 91 

from Aldrich Chemical Co. 600 mg of mica was added to ethylammonium (EA: 92 

C2H5NH3
+) or mercaptoethylammonium (MEA: SHC2H4NH3

+) solutions, assuring their 93 

concentration, twice mica cation exchange capacity, in order to favour the cation 94 

exchange reaction. They were left to react for 3h at 80 ºC. The solids were recovered by 95 

centrifugation, washed with deionized water and ethanol and dried at room temperature. 96 

The functionalized micas were named as EA-Mn or MEA-Mn (Osuna et al., 2019a). 97 

 98 

2.2. Batch adsorption 99 
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Adsorption experiments were carried out at RT and prepared in a 50 ml centrifuge tube, 100 

where 0.5 g of Y-Mn (Y= Na, EA or MEA and n=2 or 4) were dispersed with 50 ml of a 101 

25 mM X(NO3)2 (X=Pb2+, Cd2+ or Hg2+) solution. Adsorption of Pb2+ and Cd2+ was 102 

performed at their natural pH as showed in Fig. S1 (open stars). The pH of the initial 103 

Hg(NO3)2 solution was adjusted to 1.5 to avoid the salt precipitation. The samples were 104 

equilibrated for 4 weeks in an end-over-end shaker at 50 rpm. Afterwards, the phases 105 

were separated by centrifugation at 10,000 rpm at 8 ºC for 25 min. The samples were 106 

named as X-Y-Mn. 107 

The supernatants were filtered by a 0.2 µm syringe filter. After measuring the pH and 108 

Eh values, the  solutions were preserved by adding HNO3 and cool stored for subsequent 109 

a Na+ and heavy metal analysis of three aliquots by inductively coupled plasma-mass 110 

spectrometry (ICP-MS); the difference for metals before and after the adsorption reveals 111 

the amount of adsorbed metals (Cs, meq/kg): 112 

𝐶
𝐶 𝑉 𝐶 𝑉

𝑚
 113 

and the desorbed Na+ (Cdes, meq/kg) is calculated as following: 114 

𝐶
𝐶 𝑉 𝐶 𝑉

𝑚
 115 

Vi (L) is the volume of the initial solution, Veq (L) is the volume of the supernatant, m is 116 

mica weight (kg), Ci (meq/L) and Ceq (meq/L) are the concentration of the metals in the 117 

initial and final solutions (Table S1), respectively. The errors on the concentration have 118 

been calculated from the triplicate ICP-MS analysis. 119 

Solids were dried at room temperature and characterized by X-ray diffraction (XRD), 120 

ATD/TG and MAS-NMR spectroscopy. 121 

 122 

2.3. Characterization 123 
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The electromotive force (Eh) and the pH values of the initial solutions and 124 

supernatants were measured at room temperature using a Eutech Instruments PC 700 pH-125 

meter. 126 

ICP-MS (Inductively Coupled Plasma-Mass Spectrometry) was used to analyse, 127 

on the one hand, the sulphur content on the X-MEA-Mn solid samples, and, on the other 128 

hand, the metal content on the initial solutions and the supernatants obtained after the 129 

equilibrium reaction. Measurements were carried out at the Microanalysis Laboratory 130 

(CITIUS, University of Seville, Spain) using a HORIBA JOBIN YVON-ULTIMA 2 131 

equipment. 132 

Thermogravimetrial (TG/DTA) experiments were carried out using a TA (model 133 

STD-Q600) instrument, in Characterization Service (CITIUS, University of Seville, 134 

Spain), with alumina as reference. The samples were placed into a Pt crucible and 135 

maintained at air throughout the heating period. The temperature was increased at a 136 

constant rate of 10° C/min up to 1000 ºC. 137 

Powder X-ray diffraction (XRD) was carried out to check the phase purity, to 138 

monitor crystallinity and to determine the basal spacing of the micas. XRD patterns were 139 

obtained at the X-ray laboratory (CITIUS, University of Seville, Spain) on a Bruker D8 140 

Advance instrument equipped with a Cu K radiation source operating at 40 kV and 40 141 

mA. Diffractograms were obtained in the 2 range of 3–70° with a step size of 0.015° 142 

and a step time of 0.1 s. 143 

Solid state nuclear magnetic resonance (MAS-NMR) was used to analyse the short 144 

order range in the solid interlayer space. Single-pulse (SP) MAS-NMR experiments were 145 

recorded on a Bruker AVANCE WB400 spectrometer equipped with a multinuclear 146 

probe, at the Nuclear Magnetic Resonance Service of University of Córdoba (Córdoba, 147 

Spain). Powdered samples were packed in 3.2 mm zirconia rotors and spun at 10 kHz. 148 
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23Na MAS NMR spectra were recorded at 105.84 MHz with a pulse width of 0.75 µs (π/2 149 

pulse length = 4.5 µs) and a delay time of 0.1 s. 13C MAS NMR spectra with proton 150 

decoupling were recorded at 104.26 MHz with a pulse width of 2.5 µs (π/2 pulse length 151 

= 7.5 µs) and a delay time of 2 s. The chemical shift values were reported in ppm from 152 

tetramethylsilane for 13C and from a 0.1 M NaCl solution for 23Na. 153 

 154 

3. Results 155 

The pH and Eh values for the initial and supernatant solutions were represented in 156 

the Pourbaix diagrams (Fig. S1), showing the most stable species in the solutions. 157 

In all the initial solutions, the divalent heavy metal cation (X2+) was the most 158 

stable species, although in mercury solutions the pH and Eh values were close to the Hg2
2+ 159 

stability region. 160 

In general, supernatants had a less acidic pH and a lower Eh than the starting 161 

solutions. Despite these changes, the most stable species in lead and cadmium 162 

supernatants was still the X2+ cation. However, HgO was the most stable species in Hg-163 

Na-Mn and Hg-EA-Mn supernatants. The decrease in Eh in Hg-MEA-Mn supernatants 164 

was more evident than in Hg-Na-Mn supernatants, causing pH and Eh values to be close 165 

to the HgO/ Hg2
2+ stability limit for Hg-MEA-M4 and between HgO and metallic Hg for 166 

Hg-MEA-M2 (Fig. S1). 167 

The concentration of sodium and heavy metal cations in the initial solutions and 168 

supernatants was measured by ICP-MS (Table S1). The desorbed interlayer sodium (Cdes 169 

(Na+)) and adsorbed heavy metal cations (Cs (X2+)) in each system were calculated from 170 

these values (Fig. 1). Interlayer sodium was not completely desorbed in Na-Mn (Fig. 1, 171 

upper). As an exception, Hg-Na-M2 desorbed a quantity of sodium cations greater than 172 

its cation exchange capacity (CEC), probably due to the low pH value of the starting Hg2+ 173 
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solution that provoked the desorption of the non-exchanged sodium (Osuna et al., 2019b). 174 

In both sodium micas, the values of adsorbed heavy metal cations were higher than 175 

desorbed sodium. Thus, other adsorption mechanisms further than cation exchange may 176 

be happening, such as the formation of precipitates and/or adsorption at specific sites.  177 

Fig. 1, bottom, compares the adsorption data for each heavy metal cation on the 178 

different adsorbents. EA-Mn adsorbed less Pb2+ and Hg2+ than Na-Mn. The adsorbed Cd2+ 179 

was higher in EA-M4 and similar in EA-M2 in comparison with Na-Mn. The system that 180 

adsorbs the least amount of Pb2+ and Cd2+ was MEA-Mn. In contrast, the amount of 181 

adsorbed Hg2+ in MEA-Mn was higher than in the other two systems. 182 

It should be noted that the Y-M2 systems (Y = Na, EA and MEA) adsorbed an amount of 183 

Hg2+ higher than the CEC of Na-M2. 184 

In order to analyze possible changes in the structure of the adsorbents and identify 185 

new crystalline phases, solid samples were analyzed by XRD. 186 

Fig. 2 compares the XRD diagrams in the 2θ range 4-10º of Na-Mn before and after each 187 

adsorption. The adsorption of Pb2+, Cd2+ and Hg2+ in Na-M4 did not produce changes in 188 

the hydration state of the sheets. The XRD diagram of sample Pb-Na-M2 showed a unique 189 

001 reflection to ca. 1.21 nm, same basal spacing than sodium mica whereas Cd-Na-M2 190 

and Hg-Na-M2 XRD patterns showed a second reflection corresponding to a greater basal 191 

spacing (1.45 nm) than Na-M2 (1.21 nm). This peak was compatible with the presence of 192 

heavy metal cations or leached framework cations surrounded by a bilayer of water in the 193 

interlayer space(Kodama and Komarneni, 1999). This layer swelling after the adsorption 194 

of Cd2+ and Hg2+ did not occur in Na-M4. Na-M4 had a greater layer charge than Na-M2 195 

and, therefore, a higher interaction between the interlayer cations and the surface of the 196 

mica occurred, hindering the swelling capacity. 197 
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The XRD patterns of the EA-Mn before and after each adsorption were shown in 198 

Fig. 3. EA-M4 XRD pattern (Fig. 3a, left) showed a single reflection due to the parallel 199 

bilayer arrangement of the organic cation (1.60 nm) (Osuna et al., 2019a). The adsorption 200 

of Pb2+ did not produce variation in the 001 reflection. In the case of EA-M4 after 201 

adsorbing Cd2+, in addition to the reflection at 1.60 nm, a second less intense reflection 202 

was observed at 1.22 nm. This basal spacing was compatible with the presence of organic 203 

cations in a parallel monolayer or Cd2+ arrangement surrounded by a monolayer of water 204 

(Osuna et al., 2019a). The Hg-EA-M4 XRD pattern showed a single reflection at a value 205 

of 2Ɵ that corresponds to a basal spacing of 1.36 nm, lower than that of the adsorbent (ca. 206 

1.60 nm). This basal distance may be related to the presence of hydrated mercury cations 207 

in the interlayer or to organic cations arranged in parallel monolayer (Osuna et al., 2019a). 208 

These changes in the hydration states indicated that the adsorption of cadmium and 209 

mercury cations occurs by a partial exchange of organic cations. In the case of Pb2+, the 210 

XRD patterns could indicate that a large amount of EA was not desorbed. 211 

The XRD pattern of EA-M2 (Fig. 3, right) showed two reflections due to different 212 

arrangements of the organic cation: in parallel bilayer (ca. 1.60 nm) and parallel 213 

monolayer (ca. 1.26 nm) (Osuna et al., 2019a). After the adsorption of Pb2+, there were 214 

no changes in the reflections, however, after the adsorption of Cd2+, a decrease in the 215 

intensity of the reflection at ca. 1.60 nm was observed and the reflection at ca. 1.26 nm 216 

disappeared. A new reflection could also be observed at ca. 1.45 nm that could be 217 

attributed to Cd2+ surrounded by a bilayer of water (Kodama and Komarneni, 1999). This 218 

could indicate that the adsorption of Cd2+ was produced by an exchange of the EA 219 

molecules by the heavy metal cation. In the case of Hg2+, the XRD pattern showed two 220 

reflections, one at ca. 1.21 nm that may correspond to a parallel monolayer arrangement 221 

of EA or to Hg2+ surrounded by a monolayer of water. The second reflection at 1.36 nm, 222 
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the same interlayer spacing than Hg-EA-M4, was due to a higher degree of hydration of 223 

Hg2+ or to organic cations arranged in parallel monolayer (Osuna et al., 2019a). 224 

In the case of Y-MEA-M4, the XRD patterns (Fig. 4, left) showed the same 001 225 

reflections than the adsorbent: an intense reflection compatible with the organic cations 226 

arranged in parallel bilayer (ca. 1.60 nm) and a second low intensity 001 reflection at ca. 227 

1.37 nm due to the organic cations arranged in a parallel monolayer (Osuna et al., 2019a). 228 

The XRD pattern of MEA-M2 (Fig. 4a, right) showed three basal spacings due to different 229 

configurations of the organic cation: parallel bilayer (ca. 1.63 nm) and non-parallel 230 

monolayer (ca 1.57 nm and 1.46 nm) (Osuna et al., 2019a). After each adsorption, the 231 

XRD patterns (Fig. 4b-d, right) showed the reflections corresponding to the arrangement 232 

in parallel bilayer (ca. 1.60 nm) and non-parallel monolayer (1.57 nm). However, a 233 

decrease in the relative intensity of the reflection at ca. 1.60 nm with respect to the 234 

adsorbent was observed. This decrease was greater in the adsorption of Hg2+ than in that 235 

of Cd2+, and greater in this than when adsorbing Pb2+. Furthermore, the reflection at ca. 236 

1.47 nm, due to organic cations in a non-parallel monolayer configuration, was not 237 

detected. This could indicate that some amount of MEA was desorbed from the solid 238 

during the adsorption reaction. 239 

The presence of new crystalline phases in the adsorbents after each adsorption was 240 

analyzed by XRD in the 10º-70º 2Ɵ range, Fig. S2-S4. The XRD patterns of the Na-Mn 241 

samples (Fig. S2) showed the presence of PbF2 in Pb-Na-Mn and Hg(NO3)2 in Hg-Na-242 

Mn. PbO was also observed in Pb-Na-M2. The presence of this species is in accordance 243 

with the Pourbaix diagram, which indicated that the most stable species in the Pb-Na-M2 244 

supernatants is PbO (Fig. S1). No new crystalline phases were observed in Cd-Na-Mn. 245 

The formation of the crystalline phases that contain lead and mercury explained that the 246 
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adsorbed amount of these two heavy metals was greater than that of Cd2+ in both sodium 247 

micas. 248 

The XRD patterns of Pb-EA-Mn (Fig. S3b) and Pb-MEA-M4 (Fig. S4b, upper) 249 

indicated the presence of Pb(NO3)2. No new crystalline phases were observed in Pb-250 

MEA-M2 (Fig. S4b, bottom). No new phases were observed in the functionalized micas 251 

after adsorbing Cd2+ (Fig. S3c and S4c) or Hg2+ (Fig. S3d and S4d). 252 

Fig. S5 compared the DTG curves of all samples before and after adsorbing each 253 

heavy metal cation. Two zones could be differentiated in these curves: 254 

- Zone I (25-150 ° C (Hg2+) / 25-230 ° C (Pb2+/Cd2+)): the weight loss was due to the loss 255 

of coordination water. 256 

- Zone II (150-850 ° C (Hg2+) / 230-850 ° C (Pb2+/Cd2+)): the weight loss was due to the 257 

decomposition of organic matter and/or volatilization of adsorbed heavy metal cations. 258 

In general, the first zone of the DTG curve was characterized by one or two mass 259 

losses corresponding to the elimination of water from the different hydration spheres of 260 

the interlayer cation. After adsorption, the removal of the coordinating water molecules 261 

occurred at higher temperatures than in the adsorbents. The analysis of the loss of mass 262 

by thermogravimetry (TG) in this range allowed obtaining the amount of water per kg of 263 

sample (Table 1). 264 

In the cases of Pb-Na-Mn and Pb-MEA-Mn, the amount of coordination water 265 

was similar to that calculated for the adsorbent materials. In the case of Pb-EA-M2, the 266 

amount of water increased after adsorption, while in the Pb-EA-M4, the amount of 267 

adsorbed water was lower than in EA-M4. In general, the samples with cadmium had a 268 

greater amount of water than their adsorbents, this increase being more significant in the 269 

samples Na-M2 and EA-M2. This greater amount of water agreed with reflections 001 to 270 

ca. 1.45 nm observed on the Cd-Na-M2 and Cd-EA-M2 XRD patterns. The mercury 271 
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adsorption produced different changes for water amount depending on the adsorbent. 272 

Both Hg-Na-Mn micas had a lower amount of coordination water. However, the Hg-EA-273 

M2 sample had a higher amount of water than the EA-M2, which was consistent with the 274 

reflection at 1.45 nm observed in the XRD pattern. In contrast, Hg-MEA-M2 contained 275 

slightly less water than the adsorbent. Regarding both Hg-EA-M4 and Hg-MEA-M4, the 276 

same amount of coordination water before and after adsorption was observed. 277 

The decomposition of organic cations and/or volatilization of heavy metal cations 278 

occurred during the second zone of the DTG curve (Hu, G, Liu, G, Wu, D , Fu, 2018; 279 

Malferrari et al., 2006; Praus et al., 2012) and the temperature and processes that occurred 280 

in this zone depend on the nature of the heavy metal cation (Fig. S5). In Pb-Na-Mn, the 281 

loss of mass was minimal and similar to that of sodium micas before adsorption. 282 

In the DTG curve of Pb-EA-M4, the removal of the organic cation occurred in 283 

three stages between 300 °C and 500 °C. The DTG curve of Pb-EA-M2 showed signals 284 

with low intensity in that temperature range, denoting that mica contained a small amount 285 

of EA due to the cation exchange adsorption between Pb2+ and the organic cation. Unlike 286 

the EA functionalized micas, the DTG curves of the Pb-MEA-Mn presented a profile 287 

similar to those of the adsorbents, indicating that the adsorption of Pb2+ did not produce 288 

changes in thermal stability of the organic cation.  289 

The DTG curves of Cd-Na-Mn showed a small loss of mass at ca. 350 °C. In the 290 

literature, this mass loss was attributed to the removal of coordinating water from CdO 291 

(Fahim and Kolta, 1970). This cadmium phase was amorphous since it could not be 292 

observed in the corresponding XRD pattern. In the case of Cd-EA-M4, a small loss of 293 

mass occurred at 390 °C and corresponded to the removal of the interlayer EA. However, 294 

in the DTG curve of Cd-EA-M2, the characteristic EA decomposition signals were not 295 

distinguishable, which indicated that mica contained very small amount of organic 296 
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cations. This fact agreed with the XRD pattern (Fig. 3c, right), which showed a main 297 

reflection attributable to the interlayer hydrated Cd2+ and the disappearance of the 298 

characteristic reflections of the EA in the interlayer. No changes in the DTG curve of 299 

MEA functionalized micas (Fig. S5) were observed after adsorbing Cd2+, due to the low 300 

amount of adsorbed cation (Fig. 1). 301 

 In the 150-850 ° C range, the DTG curve of the Hg-Na-M4 showed two mass 302 

losses attributed to the elimination of Hg2+. The first loss at 350 °C was due to the removal 303 

of mercury cations that form external sphere complexes (exchangeable mercury) (Hu, G, 304 

Liu, G, Wu, D , Fu, 2018; Malferrari et al., 2006; Praus et al., 2012). Mercury cations 305 

forming internal sphere complexes vaporized at a higher temperature (ca. 550 °C), since 306 

the adsorption force was greater as they are coordinated with the basal oxygens (Hu, G, 307 

Liu, G, Wu, D , Fu, 2018; Malferrari et al., 2006; Praus et al., 2012). The elimination of 308 

exchangeable mercury in Hg-Na-M2 occurred at a lower temperature than in Hg-Na-M4. 309 

(ca. 300 °C), as a consequence of the lower layer charge in Na-M2. The loss of mercury 310 

adsorbed as internal sphere complexes in Hg-Na-M2 occurred in two stages at ca. 500 °C 311 

and 650 °C. 312 

The DTG curve of Hg-EA-Mn (Fig. S5, Table 2) was characterized by a set of 313 

three signals: i) elimination of mercury adsorbed on the organic chain, ii) decomposition 314 

of organic cation, and, iii) vaporization of exchangeable mercury forming an external 315 

sphere complex (Hu, G, Liu, G, Wu, D , Fu, 2018; Malferrari et al., 2006; Praus et al., 316 

2012). The elimination of mercury adsorbed in the organic chain occurred at a higher 317 

temperature in the less charged mica (Table 2). As well, the decomposition of EA in Hg-318 

EA-M2 occurred at 430 °C while in Hg-EA-M4 occurred in two phases (290 °C and 445 319 

°C), as in EA-M4. The temperature when external sphere complexed mercury evaporates 320 

did not depend on the layer charge of the adsorbent. However, Hg2+ cations that form 321 
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internal sphere complexes were eliminated at a higher temperature in Hg-EA-M4, 322 

because its higher layer charge generated more strongly adsorbed cations. 323 

The DTG curves of the Hg-MEA-Mn (Fig. S5, Table 2) presented the same set of 324 

three signals: i) removal of mercury adsorbed on the MEA (ca. 200 °C), ii) decomposition 325 

of the organic cation (ca. 270 °C), and, iii) loss of mercury adsorbed at non-specific sites 326 

at ca. 340 °C. In addition to these three signals, the Hg-MEA-M2 DTG curve also showed 327 

a small signal at 600 °C attributed to the loss of Hg2+ cations that form internal sphere 328 

complexes.  329 

The analysis of the mass losses obtained by TG would allow calculating the 330 

amount of organic cations in the micas (Osuna et al., 2019a). However, in the temperature 331 

range in which the organic matter decomposes, other processes such as the vaporization 332 

of mercury or the dehydration of CdO also occurred which hindered the calculation. In 333 

MEA-Mn, the amount of sulphur calculated from ICP-MS could help to a correct 334 

calculation of the organic matter from TG data. When comparing the data obtained from 335 

ICP-MS and TG (Table 3), it was observed that the MEA amount after the adsorption of 336 

Pb2+ and Cd2+ was similar by both techniques, with the values measured by TG being 337 

slightly higher. This allowed using the data provided by TG to know, semiquantitatively, 338 

the amount of organic cation contained in the X-EA-Mn samples (X= Pb2+ and Cd2+), not 339 

so in the case of Hg2+. 340 

As seen in Table 3, all functionalized micas after Pb2+ and Cd2+ adsorption 341 

contained a lower amount of organic cations. This corroborated that the adsorption of 342 

heavy metal cations was carried out, at least in part, by cation exchange. The mass loss 343 

associated with the decomposition of the organic chain measured by TG in functionalized 344 

micas after Hg2+ adsorption is much higher than that of adsorbents. This indicated that 345 
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the organic chain and Hg2+ cations loss overlapped and, then, it was impossible to know 346 

the amount of EA after Hg2+ adsorption.  347 

The values of adsorbed heavy metal cations and desorbed interlayer cations in Pb-348 

EA-M2, Cd-EA-M2 and Cd-EA-M4 were similar (Table 4), indicating that adsorption 349 

occurred mainly by cation exchange. The adsorbed amount of Pb2+ in EA-M4 was higher 350 

than that of the desorbed interlayer cations due to the formation of Pb(NO3)2 precipitates, 351 

as observed in the XRD patterns (Fig. 3), and, also to adsorption at specific sites. 352 

The amount of Pb2+ and Cd2+ adsorbed on MEA-Mn was lower than the amount 353 

of the desorbed interlayer cations (Cdes (EA/MEA + Na+)) (Table 4), indicating that the 354 

cation exchange reaction occurred but part of the layer charge was balanced by hydronium 355 

ions or leached framework cations. Regarding the adsorption of Hg2+, the amount of 356 

heavy metal adsorbed was much greater than the amount of MEA and Na+ desorbed in 357 

both micas. This could indicate that, in addition to the cation exchange reaction, the 358 

adsorption occurred at specific sites (thiol group). This fact agreed with the DTG plots 359 

where the signal intensity of Hg2+ adsorbed in organic cations in Hg-MEA-Mn was higher 360 

than in Hg-EA-Mn. 361 

The samples were analyzed by 23Na MAS NMR to obtain information about the 362 

changes of the interlayer Na+ after the adsorption processes of heavy metal cations. The 363 

23Na MAS NMR spectra of the samples after the adsorption of each heavy metal (Fig. 5) 364 

were generally characterized by three signals: i) a signal between 10 and -30 ppm that 365 

corresponded to the hydrated interlayer sodium, ii) a signal to ca. 30 ppm attributed to 366 

non-exchangeable sodium, and, iii) a signal at ca. 5 ppm due to sodium in sodalite 367 

(Naranjo et al., 2015). 368 

The intensity of the hydrated sodium signal decreased in all the samples in 369 

accordance with the adsorbed amount of heavy metal cations measured by ICP-MS (Fig. 370 



16 
 

1). The 23Na MAS NMR spectrum of Y-M2 after each adsorption (Fig. 5) showed a 371 

decrease of the non-exchangeable and sodalite signals, according with heavy metal 372 

cations adsorbed at specific sites and/or forming precipitates. 373 

The functionalized micas were analyzed by 13C MAS NMR to obtain more 374 

information on the changes produced in the organic cations when adsorbing the different 375 

heavy metal cations. The 13C MAS NMR spectrum of EA-M4  (Fig. 6a, up left) was 376 

characterized by two signals corresponding to the carbons of CH3 (13.8 ppm) and CH2 377 

(33.1 ppm) groups (PerkinElmer, 2017). After each adsorption, the 13C MAS NMR 378 

spectra of the X-EA-M4 (Fig. 6b-d, up left) showed the same set of signals as the 379 

adsorbent, but the signal corresponding to the CH2 carbon resonated at lower frequencies. 380 

The sum of the amount of sodium cations (ICP-MS) and organic cations (TG) desorbed 381 

was lower than the amount of heavy metal adsorbed, which could indicate that part of the 382 

organic cations was adsorbed as ion pair along with the ions NO3
- from the solutions of 383 

the heavy metals salts. These ions would shield the charge of the methylene group causing 384 

the carbon signal to shift. 385 

The 13C MAS NMR spectrum of EA-M2 (Fig. 6a, up right) showed two sets of 386 

signals corresponding to the organic cation carbons in parallel bilayer (13.8 ppm and 33.9 387 

ppm) and parallel monolayer arrangement (16.2 ppm and 37.0 ppm) (PerkinElmer, 2017). 388 

After the adsorption with Pb2+ and Cd2+ (Fig. 6b-c, up right), a decrease in the relative 389 

intensity of the signals associated with the organic cation arranged in parallel monolayer 390 

was observed. This decrease indicated that the adsorption of heavy metals caused the 391 

partial removal of the alkyl ammonium chains. In the case of Hg-EA-M2 (Fig. 6d, up 392 

right), it was not possible to distinguish carbon signals in the 13C MAS NMR spectrum. 393 

The low signal-to-noise ratio of the 13C MAS NMR spectrum indicated that the sample 394 

contained a small amount of EA, allowing Hg2+ to form internal sphere complexes, as 395 
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inferred by TG. Therefore, the two 001 reflections observed by XRD (Fig. 3d, right) 396 

corresponded to different hydration states of the heavy metal cation and not to different 397 

configurations of the organic cation, as originally postulated. 398 

The functionalization of MEA-M4 was not complete (Osuna et al., 2020) and the 399 

presence of sodium in the interlayer produced different environments in the organic 400 

cation. The 13C MAS NMR spectra of X-MEA-M4 showed the same set of signals as the 401 

initial functionalized mica, but with different relative intensities due to the loss of the 402 

organic cation during the adsorption (Fig. 6, down left). The change in intensity was 403 

greater in Hg-MEA-M4 since it was the system that desorbed the highest amount of 404 

organic cations during the adsorption as previously observed by ICP-MS (Table 4). 405 

The 13C MAS NMR spectrum of MEA-M2 (Fig. 6a, down right) was characterized 406 

by four signals that were assigned to two different cations (PerkinElmer, 2017): HS-CH2-407 

CH2-NH3
+ (40 ppm and 23 ppm) and +H2S-CH2 -CH2-NH3

+ (43 ppm and 33 ppm). The 408 

13C MAS NMR spectra after the adsorption of Pb2+ and Hg2+ in MEA-M2 (Figure 6b and 409 

d, right) only showed the carbon signals of the CH2-NH3
+ groups. This fact may indicate 410 

that the heavy metal adsorption occurred in the thiol groups, causing a widening of the 411 

signal and preventing it from being distinguished from noise. 412 

 413 

4. Discussion 414 

These as-made micas, Na-Mn, adsorbed more amount of heavy metals cations 415 

than natural clay minerals, Table S2, (Uddin, 2017a). However, Na-M4 adsorbed a lower 416 

amount of heavy metal cations than Na-M2 despite its higher CEC, because the 417 

electrostatic interaction between the interlayer cations and the surface of the mica 418 

increased, hindering their exchange (Pavón et al., 2014, 2013). Thus, the high attraction 419 

between the cations and the surface of Na-M4 provoked that the interlayer space did not 420 
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change regardless the cation charge. However, a new reflection corresponding to a larger 421 

basal spacing was observed in the Na-M2 XRD pattern after the adsorption of Cd2+ and 422 

Hg2+.  423 

In general, the order of the adsorbed amounts of each heavy metal was Hg2+> 424 

Pb2+> Cd2+, as previously reported by Osuna et al. (Osuna et al., 2019b) for the cation 425 

exchange reaction. Hg2+ had a greater tendency to form hydroxyl-complexes 426 

(pkH(Hg2+)=3.4, pkH(Pb2+)=7.7 and pkH(Cd2+)=10.1) (Hubbard, 2002) which were 427 

thermodynamically more stable and were better adsorbed than the hydrated metal cation 428 

(James, R O, Healy, 1972). 429 

The set of results indicated the presence of precipitates after the adsorption of 430 

Pb2+, Cd2+ and Hg2+ as an additional adsorption mechanism to the cation exchange 431 

process. 432 

Although the long-range structure of the adsorbents (XRD) remained unchanged, 433 

the hydration of the interlayer space depended on the type of the adsorbed metal cation. 434 

The adsorption of Cd2+ or Hg2+ produced an increase in the basal spacing of Na-Mn. This 435 

was due to the fact that both cations had greater hydration enthalpy, in absolute value, 436 

than Pb2+ (ΔHhyd(Pb2+)=-1481 kJ/mol, ΔHhyd(Cd2+)=-1807 kJ/mol and ΔHhyd(Hg2+) =-437 

1824 kJ/mol)  (Smith, 1977), and, therefore, they had a greater tendency to surround 438 

themselves with water molecules (Etci et al., 2010). 439 

The XRD patterns of the EA-Mn after the adsorption of Cd2+ and Hg2+ showed 440 

new reflections attributed to the hydrated heavy metal cations in the interlayer space. As 441 

for MEA-Mn, the adsorption of these two heavy metals did not affect the hydration of 442 

MEA-M4 (Fig. 4, left), however, a change in the relative intensities of the 001 reflections 443 

in MEA-M2 was observed (Fig. 4, right). The Pb2+ adsorption did not produce changes 444 
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in the basal space of the adsorbents. In general, the amount of adsorbed Pb2+, Cd2+ and 445 

Hg2+ depended on the hydrolysis constants of each metal. 446 

The effect of the ammonium group on the adsorption of heavy metals was 447 

analyzed thorough the comparison of the adsorption by Na-Mn and EA-Mn. 448 

Functionalized micas, EA-Mn, adsorbed a smaller amount of heavy metal than Na-Mn. 449 

Some authors observed that in natural clays, the adsorption capacity of heavy metals 450 

decreased after the functionalization with organic cations (Lee et al., 2002; Oyanedel-451 

Craver and Smith, 2006; Uddin, 2017b). In absence of functional groups capable of 452 

adsorbing heavy metal cations, such as ammonium, the adsorption occurred by cationic 453 

exchange as shown by XRD, TG and MAS NMR. The exchange between heavy metal 454 

cations and organic cations was disadvantaged in relation to sodium because organic 455 

cations were more strongly adsorbed on mica than Na+ (Lee et al., 2002). In addition, the 456 

organophilic character of EA-Mn hindered the adsorption of heavy metal cations. 457 

However, the adsorption of Cd2+ in both Y-M2 was practically the same and in EA-M4 458 

was higher than in Na-M4, probably due to the formation of amorphous precipitates that 459 

were not observed by XRD.  460 

Finally, the effect of thiol groups on the adsorption was evaluated from the 461 

adsorption results obtained by EA-Mn and MEA-Mn. 462 

ICP-MS data showed that the presence of thiol groups in the organic cation 463 

decreased the adsorption of Pb2+ and Cd2+, but improved the adsorption of Hg2+. In MEA-464 

Mn, the adsorption of Pb2+ and Cd2+ occurred mainly by cation exchange mechanism 465 

while the Hg2+ adsorption was also at specific sites (thiol groups) (Table 4). The 466 

adsorption of mercury cations in the thiol group was favored with respect to the other two 467 

heavy metal cations, since Hg2+ Gibbs free energy was more negative than that of Pb2+ 468 

and Cd2+ (Brown et al., 1999): 469 
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 470 

Several authors, (do Nascimento et al., 2016; Guerra et al., 2009; Tran et al., 471 

2015a, 2015b) had previously observed that natural clays adsorbed a higher amount of 472 

Hg2+ after functionalizing them with thiol groups. After the functionalization of 473 

motmorillonites and sepiolites with MEA and MPTMS, respectively, their Hg2+ 474 

adsorption capacity increased and their Pb2+ adsorption capacity decreased (Celis et al., 475 

2000). 476 

The data obtained from the XRD, ICP-MS and 13C MAS NMR spectroscopy 477 

indicated that the loss of organic cations during the adsorption was lower in MEA-Mn 478 

than in EA-Mn, so thiol groups increased the adsorption strength of the organic cation 479 

and hindered cation exchange reaction. Thus, the presence of thiol groups in the organic 480 

chain provided specific sites for the Hg2+ adsorption, but hindered the adsorption of Pb2+ 481 

and Cd2+. 482 

 483 

5. Conclusions 484 

The efficient adsorption of heavy metal cations in water from both as-made and 485 

functionalized micas has been demonstrated, being the efficiency higher in Y-M2 than in 486 

Y-M4. In all the adsorbents, a higher amount of Hg2+ is adsorbed, followed by Pb2+, and, 487 

finally Cd2+.  488 

In general, the functionalization of micas decreases the amount of adsorbed heavy 489 

metal, except for Hg-MEA-Mn, since the presence of thiol groups generates specific 490 

adsorption sites that improves their adsorption capacity.  491 

H2S + M2+  MS + 2H+ 

ΔG° (Hg2+) = -181.6 kJ/mol 

ΔG° (Cd2+) = -45.3 kJ/mol 

ΔG° (Pb2+) = -40.9 kJ/mol 
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In summary, the best adsorbent for Pb2+ and Cd2+ is Na-M2, and, in the case of 492 

Hg2+, the best adsorbent is the MEA-M2. The adsorption amount of Pb2+ and Cd2+ by Na-493 

M2 is 3373.3 meq/kg and 2263.0 meq/kg, respectively, and, 4918.6 meq Hg2+ are 494 

adsorbed per 1 kg of MEA-M2, being the adsoption capacity of these micas ten time 495 

higher than the capacity of the reported natural clay minerals. 496 
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Table 1.  
Water content of samples before and after adsorption. 
 
Adsorbent mol water/kg clay 

25 °C -230 °C 25 °C -150 °C 
raw Pb2+ Cd2+ raw Hg2+ 

Na-M2 3.9 3.5 5.9 3.8 2.4 
EA-M2 2.2 3.8 6.2 1.8 2.4 
MEA-M2 3.4 3.7 4.0 3.1 2.9 
Na-M4 3.6 3.3 3.9 3.5 2.8 
EA-M4 3.1 1.6 2.9 2.5 2.5 
MEA-M4 2.3 2.4 2.4 1.8 1.8 

Table 2.  
Temperatures of vaporization of Hg2+ 
adsorbed in organic chain (T1), Hg2+ on 
external sphere complex (T3) and Hg2+ on 
internal sphere complex (T4), and, organic 
decomposition (T2). 
 
 T (ºC)  

T1 T2 T3 T4 

Hg-EA-M2 235 430 350 570 
Hg-EA-M4 220 290 

445 
350 620 

Hg-MEA-M2 200 270 340 600 
Hg-MEA-M4 200 270 340 - 
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 679 

 680 

 681 

 682 

  683 

Table 3.  
Organic matter content of mica from TG and ICP-MS analysis. 
 

 X-EA-M2 X-EA-M4 X-MEA-M2 X-MEA-M4 
TG 
(meq/kg) 

TG 
(meq/kg) 

TG 
(meq/kg)

ICP-MS 
(meq/kg) 

TG 
(meq/kg)

ICP-MS 
(meq/kg) 

raw 2419.7 3374.1 2432.8 3010 ±9 2818.1 3410 ±22 
Pb2+ 852.6 3141.7 1636.5 1503 ±3 2646.8 2627 ±3 
Cd2+ 758.2 1793.1 2402.9 2180 ±19 2820.7 2756 ±18 
Hg2+ 6817.9 7072.3 7156.9 1606 ±5 6961.2 2072 ±9 

 

Table 4.  
Amount of adsorbed heavy metal cations (Cs (X2+)) and desorbed 
interlayer cation (Cdes (EA/MEA+Na+)). 
 
 X Cs (X2+) 

(meq/kg) 
Cdes (EA/MEA+Na+)  
(meq/kg) 

X-EA-M2 Pb2+ 2356.2 1823.9 
Cd2+ 2167.3 1984.4 
Hg2+ 3448.8 -- 

X-MEA-M2 Pb2+ 1249.9 1631 
Cd2+ 315.9 968.1 
Hg2+ 4918.6 1786.9 

X-EA-M4 Pb2+ 1094.8 574.61 
Cd2+ 1952.3 1819.7 
Hg2+ 2338.5 -- 

X-MEA-M4 Pb2+ 780.9 1019.8 
Cd2+ 725.3 821.0 
Hg2+ 4105.7 1677.5 
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FIGURE CAPTION 684 

Fig. 1. Amount of desorbed Na+ (grey) and adsorbed Pb2+ (orange), Cd2+ (blue), and, Hg2+ 685 

(green).  Red dash line indicates the CEC of the adsorbent. 686 

Fig. 2. XRD of Na-Mn (n=4, left, and n=2, right) before (a) and after adsorption of: b) 687 

Pb2+, c) Cd2+, and, d) Hg2+. h= Hg(NO3)2ꞏ3H2O (PDF 00-031-0855). 688 

Fig. 3. XRD of EA-Mn (n=4, left, and n=2, right) before (a) and after adsorption of: b) 689 

Pb2+, c) Cd2+, and, d) Hg2+.  690 

Fig. 4. XRD of MEA-Mn (n=4, left, and n=2, right) before (a) and after adsorption of: b) 691 

Pb2+, c) Cd2+, and, d) Hg2+. 692 

Fig. 5. 23Na MAS NMR spectra of adsorbents X-Mn (n=4, upper, and n=2, bottom; X=Na, 693 

left, X=EA, middle, and, X=MEA, right) before (a) and after adsorption of: b) Pb2+, c) 694 

Cd2+, and, d) Hg2+.  695 

Fig. 6. 13C MAS NMR spectra of adsorbents X-Mn (n=4, upper, and n=2, bottom; X=EA, 696 

left, and, X=MEA, right) before (a) and after adsorption of: b) Pb2+, c) Cd2+, and, d) Hg2+.  697 

  698 
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Fig. 1 699 
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Fig. 2 703 
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Fig. 3 705 

 706 

  707 



34 
 

Fig. 4 708 
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Fig. 5 710 
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Fig. 6 713 
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