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Abstract 1 

Land-use intensification (LUI) and biological invasions are two of the most important 2 

global change pressures driving biodiversity loss. However, their combined impacts on 3 

biological communities have been seldom explored, which may result in misleading 4 

ecological assessments or mitigation actions. Based on an extensive field survey of 445 5 

paired invaded and control plots of coastal vegetation in SW Spain, we explored the 6 

joint effects of LUI (agricultural and urban intensification) and invasion on the 7 

taxonomic and functional richness, mean plant height and leaf area of native plants. Our 8 

survey covered five invasive species with contrasting functional similarity and 9 

competitive ability in relation to the native community. We modelled the response of 10 

native communities for the overall and invader-specific datasets, and determined if 11 

invader-native functional differences could influence the combined impacts of LUI and 12 

invasion. Overall, we found that urban intensification reduced taxonomic richness more 13 

strongly at invaded plots (synergistic interactive effects). In contrast, functional richness 14 

loss caused by urban intensification was less pronounced at invaded plots (antagonistic 15 

interactive effects). Overall models showed also that urban intensification led to 16 

reduced mean leaf area, while agriculture was linked to higher mean plant height. When 17 

exploring invader-specific models, we observed that the combined effects of 18 

agricultural and urban intensification with invasion were heterogeneous. At invaded 19 

plots, invader-native functional differences accounted for part of this variability.  Our 20 

findings demonstrate the importance of considering the interactive effects of global 21 

change pressures for a better assessment and management of ecosystems. 22 

Keywords: Competitive ability, Functional traits, Global change ecology, Multiple 23 

stressors, Niche similarity 24 
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Introduction 34 

Land-use intensification (LUI) and biological invasions are two of the most 35 

important global change pressures driving biodiversity loss (Sala 2000; Butchart et al. 36 

2010). A recent global assessment examining the effects of LUI on ecosystems shows a 37 

net loss of local richness across taxonomic groups, ecosystems and regions (Newbold et 38 

al. 2015). Moreover, LUI can also reduce the functional diversity of biological 39 

communities (Laliberté et al. 2010; Pakeman 2011; Allan et al. 2015; Gutiérrez-40 

Cánovas et al. 2015). At the local scale, biological invasions also tend to reduce the 41 

diversity and abundance of native species (Vilà et al. 2011, 2015; Pyšek et al. 2012), as 42 

well as their functional and phylogenetic diversity (Hejda and de Bello 2013; Jucker et 43 

al. 2013; Castro-Díez et al. 2016). While many studies have explored how the invader 44 

similarity to the local native community determines invasion success (e.g., Carboni et 45 

al. 2013; Castro-Díez et al. 2014), it is still unclear how functional similarity and 46 

competitive ability influences the invader impact on native communities (Gallien and 47 

Carboni 2017) and their interaction with other pressures (Gooden and French 2014).  48 

Despite the fact that invasions are often closely linked to LUI (MacDougall and 49 

Turkington 2005; Vilà and Ibáñez 2011; Jauni et al. 2015; González-Moreno et al. 50 

2017), so far, the impacts of these two pressures on community structure have been 51 

considered in isolation, which precludes from determining their combined effects and 52 

the most appropriate management practices (Didham et al. 2007; Côté et al. 2016; Feld 53 

et al. 2016). If LUI interacts with invasions, its impact on invaded sites may either be 54 

stronger (synergistic effects) or weaker (antagonistic effects) compared to non-invaded 55 

sites. Therefore, understanding how the combined effects of LUI and invasion affect 56 

multiple functional traits and their diversity in the native community is key to predicting 57 

which species could cope with multiple anthropic pressures (Hooper et al. 2005; 58 
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Laliberté et al. 2010), identifying the most important impacts on ecosystem functioning 59 

(Suding et al. 2008; Gross et al. 2017) and improving mitigation and management 60 

strategies to preserve biodiversity (Didham et al. 2007). 61 

Habitat filtering and coexistence theories offer non-exclusive mechanisms that 62 

can explain native species’ tolerance to LUI and their response to invasion (Chesson 63 

2000; Weiher et al. 2011). The habitat filtering hypothesis postulates that, under the 64 

intense abiotic stress produced by LUI, species showing non-suitable traits will be 65 

extirpated from the community (Weiher et al. 2011), leading to communities with 66 

functionally similar species and reduced diversity (i.e., trait clustering; Flynn et al. 67 

2009; Laliberté et al. 2010; Gutiérrez-Cánovas et al. 2015). On the other hand, invaders 68 

could extirpate functionally distant but also similar species, depending on the strength 69 

of competitive ability differences (hierarchical functional trait differences) and niche 70 

similarity (non-directional functional trait differences) to the native community 71 

(Mayfield and Levine 2010; Kraft et al. 2015). When invaders possess certain trait 72 

values providing a better ability to compete, and reflecting fitness differences across 73 

species (e.g., plant height), inferior competitors (e.g., smaller plants) can be excluded 74 

(Cahill et al. 2008; Van Kleunen et al. 2010; Lai et al. 2015). When invader and native 75 

species have equivalent competitive abilities, invader species will compete more 76 

intensively with those native species showing a similar niche (functional similarity), 77 

some of them being excluded (Swenson et al. 2006; Cavender-Bares et al. 2009). In 78 

both cases, native and invader species can co-exist via niche-complementarity if they 79 

are sufficiently different and use distinct resources (functionally distant) (Tilman et al. 80 

1997; Mayfield and Levine 2010).  81 

Here, using an extensive survey of coastal vegetation, we explored the combined 82 

effects of LUI (i.e., agricultural and urban intensification) and invasion by exotic plants 83 
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on native plant communities. Our hypothesis is that both the impacts of invader 84 

presence and its interaction with LUI will depend on their functional similarity and 85 

competitive ability in comparison to native plant communities. To assess this 86 

hypothesis, we firstly characterised the distribution of plant species along the main axes 87 

of trait variation and the functional similarity between native and invasive plants at 88 

regional and local levels. Secondly, we modelled how native community metrics (i.e., 89 

taxonomic richness, functional richness, community mean plant height and leaf area) 90 

responded to agricultural and urban intensification, invader presence, and their 91 

interactions. Third, to assess whether overall patterns for native community metrics 92 

depend or not on invader identity, we ran separate models for each invader dataset. 93 

Finally, we analysed if invader functional similarity (i.e., overall functional trait 94 

distance) and competitive ability differences (i.e., height difference) to the native 95 

species influence the combined effects of agricultural and urban intensification, and 96 

invasion on native community metrics.  97 

  98 

Materials and methods 99 

Study area and invasive species  100 

A floristic survey was conducted along a 125 km strip of the Atlantic coast in 101 

South-western Spain. This area spans a gradient of LUI, including natural protected 102 

areas (mainly, coastal dune and wetland habitats), urban areas (i.e., mostly summer 103 

residential areas) and crops. The climate of the study region is typically Mediterranean, 104 

with warm and dry summers and mild winters (mean annual temperature: 17.6ºC; mean 105 

annual precipitation: 535 mm). The most common invasive species were Arctotheca 106 

calendula (L.), Arundo donax (L.), Carpobrotus spp. N. E. Br., Conyza bonariensis (L.) 107 
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Cronq. and Opuntia dillenii (Ker-Gawler) Haw, all of which are considered invasive in 108 

Spain (Sanz-Elorza et al. 2004). 109 

The South African A. calendula (Asteraceae) is a small, annual forb widely 110 

distributed in coastal habitats of Mediterranean climate. It was introduced to Europe in 111 

the 18th century as an ornamental plant, and shows preferences for areas affected by 112 

agriculture or urbanisation (Sanz-Elorza et al. 2004). Its invasive potential is linked to a 113 

high reproductive capacity, high seed dispersal, and tolerance to stress (Brundu et al. 114 

2015). A. donax (Gramineae) is a tall perennial gramminoid native to India and South 115 

East Asia. It was introduced to Europe about 400 years ago, and now it is globally 116 

present in sand dunes, wetlands, riparian zones and disturbed areas of temperate, 117 

subtropical and tropical climates (Sanz-Elorza et al. 2004), as a result of its rapid 118 

growth rates, clonal reproduction by rhizomes, and its capacity to thrive under variable 119 

soil conditions (Quinn and Holt 2008). The South African succulent perennial clonal 120 

Carpobrotus acinaciformis (L.) Bolus and C. edulis (L.) N.E. Br. (Aizoaceae) were 121 

introduced as ornamentals and for erosion prevention. Currently, their hybrids are 122 

widely naturalised on coastal rocks, cliffs and sand dunes (Suehs et al. 2004; Traveset et 123 

al. 2008a). Its invasive capacity is associated to a prolific mat-forming clonal growth, 124 

and high plasticity to cope with different light intensities (Traveset et al. 2008b). Here, 125 

we considered them together as Carpobrotus spp. group, given they are ecologically 126 

and functionally similar species, and difficult to distinguish in the field in the absence of 127 

inflorescences. The American C. bonariensis (Asteraceae) is an 80-cm tall, annual forb, 128 

accidentally introduced to Europe in the 18th century. This species tends to invade 129 

degraded, ruderal habitats (Sanz-Elorza et al. 2004) thanks to its high reproduction 130 

capacity and early seed germination (Thebaud and Abbott 1995). Finally, O. dillenii 131 

(Cactaceae) is an American 3-m tall succulent shrub, which was introduced to Europe 132 
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around the 16th century for ornamental and green fence purposes (Sanz-Elorza et al. 133 

2004). Its invasive capacity is linked to high vegetative and sexual reproductive 134 

capacities, and high tolerance to drought conditions (Padrón et al. 2011). 135 

 136 

Floristic survey 137 

In spring of 2010 and 2011, we performed a vegetation survey by walking along the 138 

coastal vegetation at a distance of c.a. 50 m from the shoreline to avoid the influence of 139 

the highest tides. The vegetation surveyed is composed by sparse foredune vegetation 140 

(Valdés et al. 1987). This vegetation is subjected to salt spray, episodic over-wash, highly 141 

permeable substrate, low field capacity, high temperatures, drought, high winds, and 142 

substrate mobility (García-Mora et al. 1999). When the strip of coastal vegetation was 143 

wide enough, a parallel walk was also placed inwards at approximate 50 m from the 144 

previous one but within the same vegetation type. Although we intended to survey the 145 

entire coast, due to accessibility problems (e.g., military areas) or lack of coastal 146 

vegetation in urbanised coastal areas, we finally sampled 70 km out of the 125 km total 147 

coastal line. The occurrence of the five invasive plants along each transect was noted and 148 

the coordinates recorded. For each occurrence, we set up a 10 x 10 m plot including only 149 

one invasive species (i.e., we avoided plots with two or more co-occurring invaders; 150 

hereafter, invaded plot). We did not survey plots totally dominated by the invader. The 151 

average cover of each invader species in a subsample of plots was 23% for A. calendula, 152 

21% for A. donax, 32% for Carpobrotus spp., 14% for C. bonariensis and 28% for O. 153 

dillenii. Another plot containing only native species (i.e., control plot) was chosen in close 154 

vicinity (< 20 m) to ensure that each pair of plots was subjected to similar land-use and 155 

environmental conditions (Vilà et al. 2006). Our survey resulted in a total of 445 paired 156 

invaded and control plots. We identified all plant species in each plot, which resulted in 157 
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a total of 127 native species, being Ammophila arenaria (Gramineae), Lotus creticus 158 

(Fabaceae), Malcomia littorea (Brassicaceae) and Rumex tingitanus (Polygonaceae) the 159 

most common taxa.  160 

 161 

Land-use intensity assessment 162 

For each pair of plots, land-use intensity was assessed using the 2007 land-cover 163 

maps for Andalusia based on ortho-rectified aerial photographs, which were the closest 164 

to the sampling data (Moreira et al. 2010; scale 1:25,000). For each pair of plots, we 165 

estimated urban and agricultural land-use percentages in a 500-m radius buffer area 166 

around the central point of the plots, excluding the area occupied by sea (i.e., we 167 

removed sea cover in the buffers and calculated the percentage of inland land -uses to 168 

have comparable values). This radius buffer was selected based on previous research in 169 

the same study area that identified the scale at which the effects of land-use intensity on 170 

plant communities were more conspicuous (González-Moreno et al. 2017). As a 171 

measure of natural landscape variability, we also estimated the percentage of dune and 172 

wetland habitats within the same buffer area. 173 

Our dataset contained 445 pairs of invaded and non-invaded plots, which 174 

resulted from combining 99 pairs for A. calendula dataset (urban plus agricultural land-175 

use: 0.0-61.2%), 130 pairs for A. donax dataset (0.0-50.7%), 76 pairs for Carpobrotus 176 

spp. dataset (0.0-56.4%), 99 pairs for C. bonariensis dataset (0.0-44.2%) and 41 pairs 177 

for O. dillenii dataset (0.0-61.2%). Fifty plots were used more than once as controls for 178 

different invaded plots, which overall resulted in 840 plots (445 invaded plus 395 179 

control plots). 180 

 181 

Species traits 182 
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To characterise functional similarity and competitive ability differences between 183 

invader and native species, we compiled information on six traits (plant height, leaf 184 

area, life form, life span, N-fixing capacity and photosynthetic pathway) for the 132 185 

studied plant taxa, i.e., 127 natives plus the five invasive species (Devictor et al. 2010; 186 

Mayfield and Levine 2010). Trait values were obtained from regional or national 187 

botanical guides (Valdés et al. 1987; Sanz-Elorza et al. 2004; Castroviejo 2012) and 188 

expert knowledge. Although the invader-native functional similarity and competitive 189 

capacity differences is likely to change over the LUI gradients (Maire et al. 2012; Kraft 190 

et al. 2015; Lai et al. 2015), our static average trait data are unable to capture such intra-191 

specific variation. 192 

Plant height (range 8-3,000 cm) was estimated as the mean of the maximum and 193 

minimum values found in the literature. Plant height is a surrogate of several key 194 

aspects of plant biology and ecology, which are related to critical trade-offs for growth, 195 

reproduction, energy allocation and competitive strategies (Pérez-Harguindeguy et al. 196 

2013). Larger plants have a higher capacity to intercept light, disperse diaspores, build 197 

deep root systems or cope with mechanical stress, whilst small plants need less space 198 

and resources to thrive and can be present at high densities (Brown et al. 2004). We 199 

used plant height as a proxy of plant fitness and competitive ability, in a way that larger 200 

plants will be superior competitors as a result of their enhanced capacity to acquire soil 201 

resources (water, nutrients) and occupy space (Gaudet and Keddy 1988; Violle et al. 202 

2009; Maire et al. 2012; Younginger et al. 2017). Leaf area was estimated as the surface 203 

of the most similar geometrical form (e.g., oval, cylinder, triangle, among others), using 204 

mean leaf width and length as input data (average from minimum and maximum 205 

literature values, range 0.02-5,222.90 cm2). For compound leaves, we multiplied the 206 

leaflet area by the total number of leaflets. Leaf area plays an important role in energy 207 
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acquisition and water balance. Larger leaves can capture more energy at the cost of 208 

evaporating more water through stomata (Wright et al. 2004, 2005). Life form (forb, 209 

gramminoid, liana, shrub, sub-shrub, tree) is a proxy of multiple life-histories and 210 

physiological aspects, which combines plant size with other aspects as resistance forms 211 

of protection to disturbance and stress, lateral and vertical span or lignin content, all of 212 

which representing different strategies to grow and cope with disturbance (Pérez-213 

Harguindeguy et al. 2013). Life span (annual, perennial or variable) reflects the plant 214 

allocation pattern between reproduction, growth and defence (Herms and Mattson 215 

1992), and determines plant resilience to disturbance. For example, annual plants 216 

recover their populations faster after disturbance as a result of an earlier and profuse 217 

reproduction, whilst perennial plants have higher ability to cope with adverse conditions 218 

thanks to a higher investment in support and storage. The capacity to fix atmospheric 219 

nitrogen (coded as a binary trait, no / yes) provides an advantage for plants to colonise 220 

nitrogen-poor soils, increasing soil fertility when tissues of these plants die. Finally, 221 

photosynthetic pathways (C3, C4, CAM) represent different plant strategies to fix 222 

carbon during photosynthesis, involving different rates of water loss for the plant 223 

(Pérez-Harguindeguy et al. 2013). The majority of the plants considered show a C3 224 

strategy to fix carbon, which involves great water loss under intense heat. However, C4 225 

and CAM plants have developed more efficient strategies to fix carbon, which reduce 226 

water loss, providing a potential advantage in hot and arid environments.  227 

 228 

Trait similarity between native and invasive species  229 

To characterise functional similarity between native and invasive species, we 230 

built a species x traits matrix, including both native and invasive species (n=132 231 

species). First, using Gower’s index (Gower 1971), we computed a matrix containing 232 



11 
 

the pair-wise functional dissimilarity across species based on the six traits considered 233 

here in order to capture the multidimensional nature of species niches (hereafter, Gower 234 

trait matrix). Gower’s index can derive species dissimilarities from both quantitative 235 

and qualitative traits, allowing for missing values. Second, based on this Gower trait 236 

matrix, we built a functional space through a Principal Coordinate Analysis (PCoA). 237 

This analysis reduced all traits to a few main axes (or coordinates), retaining a high 238 

proportion of cross-species variance, and representing invasive and native species in the 239 

space defined by these main axes (Villéger et al. 2008). Third, to identify which traits 240 

were correlated with each axis, we used Pearson correlation coefficients (r) for 241 

continuous traits and ANOVAs for binomial and categorical traits (i.e., species 242 

coordinates as response variable and trait categories as predictors). We considered that a 243 

trait was associated to an axis when r≥│0.50│. We ranked ANOVAs according to their 244 

r2 values to identify the categorical traits most associated to each axis. To select the 245 

number of relevant functional axes, we assessed the minimum number of dimensions 246 

(from two to 10) that provided a good representation of the original Gower trait matrix 247 

(Maire et al. 2015). We kept three dimensions (mean squared deviance, mSD=0.019) 248 

because functional spaces of higher dimensions did not substantially improve the 249 

representation accuracy of the original Gower trait matrix (e.g., 10 dimensions yielded a 250 

mSD=0.013). These three axes were the most explanatory and represented 70.0% of the 251 

original traits variation. 252 

To have a general view of invader functional similarity to the native species at 253 

the regional level, we quantified the functional distance between each invader and the 254 

average trait values of all the studied native species in the species pool (n=127). To do 255 

this, we estimated the Euclidean distance between the position of each invader in the 256 
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functional space and the native centroid, which was calculated as the average of the 127 257 

native species coordinates for each functional axis in the 3D space.  258 

Additionally, to explore if invader functional differences to native communities 259 

can modify LUI effects at invaded plots, we quantified invader functional distance 260 

(measure of functional similarity) and height difference (measure of competitive ability) 261 

in comparison to the native species present in the paired plots (Hejda et al. 2009; 262 

Mayfield and Levine 2010; Lai et al. 2015). We quantified invader functional distance 263 

as the Euclidean distance between the invader and the centroid of the native species 264 

present in the paired control plot. We calculated invader-native community height 265 

differences as a measure of the potential difference in competitive ability, given that 266 

plant height can capture differences in fitness across species (Gaudet and Keddy 1988; 267 

Violle et al. 2009; Maire et al. 2012; Younginger et al. 2017). For each invaded plot, we 268 

quantified log-transformed absolute height differences between each invader and the 269 

mean value of the native community from the paired control plot. Log-absolute-270 

differences in plant height were multiplied by -1 when the invader height was smaller 271 

than the mean native community value.  272 

 273 

Plant community structure and functional trait metrics  274 

For each plot, we counted the number of native species as a measure of 275 

taxonomic richness. The functional richness of each plot, which represents the trait 276 

range variation for the native community (Villéger et al. 2008), was estimated as the 277 

ratio (from 0 to 1) between the functional space volume of the convex hulls enclosing 278 

all the native species in the plot and that encompassing all the native and invasive 279 

species present in the study area (Villéger et al. 2008). This index could not be 280 

calculated for plots with less than four species (i.e., a minimum of four points is 281 
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required to build a volume). Finally, using only native species, we estimated the mean 282 

plant height and mean leaf area for each plot to assess how native plant traits change 283 

with LUI and invasion (Suding et al. 2008).  284 

 285 

Statistical analysis 286 

In order to reduce distribution skewness, we applied a log-transformation to 287 

functional richness, mean plant height, mean leaf area and the percentage of dune 288 

habitat, and a squared-root transformation to invader functional distance. All 289 

quantitative predictors were standardised to mean=0 and SD=1.  290 

To explore the combined effects of LUI and invasion on native taxonomic 291 

richness, functional richness, community mean plant height and mean leaf area for the 292 

overall and for each invader dataset, we used Linear Mixed-effect Models (LMM) with 293 

a Gaussian error distribution. For the overall dataset (n=840), we explored the combined 294 

effects of agricultural and urban intensification, invader presence, and their interaction 295 

terms. Interactions with agriculture were not considered in subsequent models in order 296 

to simplify models and because main overall analyses suggested minor importance (see 297 

Table 1). To see how far overall patterns depend on invader identity, we ran separate 298 

models for each invader dataset using agricultural and urban intensity, invader presence, 299 

and urban x invader presence interaction term as predictors. Overall and invader 300 

specific models included control-invaded plot pair as random factor to account for 301 

repeated measures in the same location. Overall models also included invader species 302 

identity as random factor to control for invader-specific effects.  303 

We focused on invaded plots (n=445) to determine if invader-native functional 304 

differences could influence the combined impacts of LUI and invasion on taxonomic 305 

richness, functional richness, mean plant height and mean leaf area. For this analysis, 306 



14 
 

we ran linear regression models (LM) including the following fixed factors: agricultural 307 

and urban intensity, invader-native functional distance, invader-native height difference 308 

and the interactions between urban intensity x invader-native functional distance and 309 

urban intensity x invader-native height difference. These models included also invader 310 

identity as fixed covariate to control for invader-specific effects. 311 

All these models included the percentage of dune and wetland habitats as fixed 312 

covariates to account for landscape heterogeneity of the native community across the 313 

study area.  For each model, we also checked the spatial autocorrelation structure of the 314 

models’ residuals using Moran’s Index (Moran’s I) based on each site’s coordinates. 315 

When the Moran’s I values were higher than I>|0.50| (i.e., invader-specific models), we 316 

added a residual spatial autocorrelation covariate (RAC) as predictor to capture the 317 

spatial effects non-considered by the fixed factors (Crase et al. 2012). This RAC term 318 

considers the correlation between the residuals at a given plot and those from its 319 

neighbouring locations. Before running the models, we checked pairwise Pearson 320 

correlation coefficients (r) among fixed factors to control for collinearity. When |r|≥0.7 321 

between two predictors, we removed the predictor with a mean lower correlation with 322 

the response variable.  323 

 To quantify predictor’s standardised effect sizes (SES) and significance of LMM 324 

and LM, we adopted a multi-model inference approach (Grueber et al. 2011), using the 325 

MuMIM R package (Bartoń 2016). This statistical technique ranks all the models 326 

generated using all the possible combination of predictors using AIC. Then, a set of top 327 

models is selected to produce an average model only if the model ranking first is 328 

ambiguously supported (model weight<0.90). We chose top models differing in no 329 

more than four AIC units (delta≤4) from the model ranked first (minimum AIC). We 330 

adopted a natural average method to conduct the model averaging, which consists in 331 
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averaging predictors only over models in which the predictor appears, and weighting 332 

predictor’s SES by the summed weights of these models (Burnham and Anderson 333 

2002). All final models were validated by visually checking the distribution of residuals 334 

for normality and homoscedasticity (Zuur et al. 2009). For each LMM model, two 335 

measures of goodness-of-fit were estimated (Nakagawa and Schielzeth 2013) using the 336 

MuMIn package (Bartoń 2016): marginal goodness-of-fit (r2
m) indicates the variance 337 

explained just by the fixed factors, while conditional goodness-of-fit (r2
c) shows the 338 

variance accounted for by both fixed and random terms. 339 

Given that taxonomic and functional richness can be correlated by chance 340 

(selection probability effect; e.g., Huston 1997), we performed null models to confirm 341 

whether the observed functional patterns were not simply a consequence of the 342 

underlying taxonomic variation (Stevens et al. 2003; Gutiérrez-Cánovas et al. 2015; 343 

Bruno et al. 2016). Thus, we produced a distribution of 999 null coefficient values for 344 

each empirical model term (fixed factors) following this procedure: 1) randomly re-345 

assigning trait combinations to each species on the trait table, 2) re-estimating 346 

functional richness for each plot and 3) re-examining its relationship using global LMM 347 

models including all fixed factors, instead of the multi-model inference approach. We 348 

used global models because averaged null models could not include some of the focal 349 

fixed factors, which would preclude their comparison against observed parameters. 350 

Given that trait randomisation was performed on the trait table, the overall species 351 

frequency and the species richness for each plot were kept unmodified in the null 352 

models. Depending on the sign of the observed model parameter, we examined whether 353 

the empirical model parameters were significantly lower (negative model parameters) or 354 

greater (positive model parameters) than the null model distributions using an exact 355 

one-tailed test at α = 0.05 (i.e., occurrence of values greater or lower than the null model 356 
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parameters / null model runs+1). Model parameters that did not significantly differ from 357 

the null distribution indicated that changes in functional richness are indistinguishable 358 

from taxonomic richness variation.  359 

We could expect that agricultural and urban intensification will reduce 360 

functional richness more than expected by chance (Online Resource 1; i.e., trait 361 

clustering due to abiotic filtering), while invader presence could have a more complex 362 

response (Online Resource 1; i.e., trait clustering when the invader displaces inferior 363 

species with different trait values; invader causes trait overdispersion as a way to avoid 364 

competition and allow co-existence via niche complementarity) (Mayfield and Levine 365 

2010; Kraft et al. 2015). Departures from null expectations of the interaction parameters 366 

(urban intensity x invader presence) would imply different trait responses depending on 367 

the signs of the observed individual and interactive model parameters (Online Resource 368 

1). If observed model parameters are all negative, LUI and invader presence would 369 

result in an enhanced trait clustering. When LUI and invader presence have a negative 370 

effect on functional richness, but interaction have a positive sign that departs from null 371 

expectations, the interactive effect produces a mitigated trait clustering. Finally, when 372 

agriculture / urban intensity and invader presence have different signs and the 373 

interaction term departs from null expectations, both trait clustering and overdispersion 374 

occur depending on invader functional distance to control plots. 375 

All the analyses were conducted using the R statistical software (R Development 376 

Core Team 2019). Code and functions to derive the biodiversity metrics and run the 377 

statistical analysis are available (Online Resource 2). 378 

 379 

Results 380 

Invasive and native species position along functional axes 381 
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 Details of the functional space axes are available in Online Resource 3. At the 382 

species pool level, the median of the functional distance of all native species to the 383 

centroid of the functional space was 0.295 (first quartile=0.250, third quartile=0.402). 384 

Invasive species showed contrasting distances to the centroid of the native community 385 

(Online Resource 4 and 5). C. bonariensis and A. calendula were the most similar 386 

species to the native species pool (functionally similar invaders, hereafter), with 387 

functional distances to the native centroid lower than the native median (0.249 and 388 

0.232, respectively). By contrast, A. donax (0.378), Carpobrotus spp. (0.575) and O. 389 

dillenii (0.594) were more distant to the native species pool median (functionally distant 390 

invaders, hereafter). The main differences between the native species and functionally 391 

distant invaders were found for functional axis 1 (plant height, life span, N-fixation and 392 

life form) and axis 3 (photosynthetic pathway). On average, the three functional distant 393 

invaders O. dillenii, A. donax and Carpobrotus spp. were taller than the native species 394 

mean and, additionally, Carpobrotus spp. and O. dillenii were the only plants showing 395 

CAM photosynthetic pathway in our study. At the plot level, we found a similar pattern, 396 

except for A. donax, that fell within the group of similar invaders: C. bonariensis 397 

(median=0.135), A. calendula (0.145), A. donax (0.146); the most distant invaders were 398 

O. dillenii (0.177) and Carpobrotus spp. (0.189). 399 

 400 

Overall combined effects of LUI and invasion 401 

Urban intensification and invader presence had interactive effects on taxonomic and 402 

functional richness (Table 1, Online Resource 6). Specifically, urban intensification 403 

caused a greater taxonomic richness loss in invaded plots relative to control plots 404 

(synergistic response), while functional richness loss was greater in control plots 405 

relative to invaded plots (antagonistic response). Besides their interactive effects with 406 
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invasion, urban intensification reduced mean leaf area, while agricultural intensification 407 

increased mean plant height (Table 1, Fig. 1a-d). Invader presence did not show any 408 

significant effect on mean plant height or leaf area, nor any main effect on richness and 409 

functional richness. These overall patterns were generally weak as reflected by the 410 

limited portion of explained variance (3-13%). Null models revealed that urban 411 

intensification caused more functional richness loss than expected by chance, reflecting 412 

non-random trait clustering (Online resource 8). Null model analyses also confirmed 413 

that invader presence tended to mitigate functional richness loss caused by LUI more 414 

than expected by chance (mitigation effect). 415 

 416 

Combined effects of LUI and invasion for each invader dataset 417 

When analysed independently, our five datasets showed that the effects of LUI 418 

and invader presence depended on invader identity (Table 2, Fig. 2, Online resource 7), 419 

being generally stronger than those observed in the overall models, as reflected by the 420 

higher proportions of explained variance (11-66%). 421 

Interactive effects occurred only in two invader datasets (Carpobrotus spp. and 422 

O. dillenii datasets). In response to combined urban intensification and invader presence 423 

(Fig. 2), these interactions reflected antagonistic responses of functional richness (both 424 

datasets) and a synergistic plant height decline (Carpobrotus spp. dataset). Urban 425 

intensification tended to reduce taxonomic and functional richness, and mean plant 426 

height and leaf area, but some exceptions occurred (O. dillenii dataset). Besides, 427 

individual impacts caused by invader presence were heterogeneous and depended on 428 

invader identity: A. calendula presence was associated with lower mean plant height 429 

and leaf area. A. donax invasion was linked to reduced taxonomic richness, functional 430 

richness and mean leaf area. Plots invaded by Carpobrotus spp. showed higher mean 431 
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leaf area. C. bonariensis presence was linked to higher taxonomic richness. Null model 432 

results generally showed that urban intensity (Carpobrotus spp., C. bonariensis and O. 433 

dillenii datasets) and invader presence (A. donax dataset) caused more functional 434 

richness loss than expected by chance (Online resource 8). 435 

 436 

Overall combined effects of LUI and invader functional differences to the native 437 

communities 438 

Urban intensification and invader functional distance had a synergistic 439 

interactive effect on taxonomic richness (Table 3, Fig. 3a, Online resource 9). Thus, 440 

urban intensification reduced taxonomic richness more strongly at plots invaded by 441 

functionally distant plants in comparison to paired native communities. Mean plant 442 

height declined with greater functional distance and height difference between invader 443 

and native community, and increased with urban intensification (Fig. 3c). Functional 444 

richness and mean leaf area did not show any significant association with agriculture, 445 

urban intensification or invader functional differences to native communities (Fig. 3b, 446 

3d). 447 

 448 

Discussion 449 

 Our results showed that LUI and biological invasion have variable and invader-450 

specific effects on plant communities, including both additive and interactive effects. 451 

We also demonstrated that such impacts can cause non-random changes in functional 452 

richness, mostly arising from trait clustering. Furthermore, we observed that the 453 

combined effects of LUI and invasion can vary considerably across invader datasets, but 454 

interactive effects were more common for functionally distant invaders with greater 455 

competitive traits (plant height) relative to the native species pool. At invaded plots, 456 
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both urban intensity and functional differences between invaders and native 457 

communities were important to explain changes in taxonomic richness and mean plant 458 

height. Overall, these results highlight the need of considering the combined effects of 459 

global change pressures for a better assessment of their impacts (Didham et al. 2007; 460 

Côté et al. 2016; Feld et al. 2016). 461 

 462 

In our study, trends in response to urban intensification showed a reduction of 463 

taxonomic and functional richness in the overall, Carpobrotus spp. and C. bonariensis 464 

datasets, which seems to be linked to abiotic filtering, as found in previous research 465 

(Laliberté et al. 2010; Pakeman 2011; Allan et al. 2015; Gutiérrez-Cánovas et al. 2015). 466 

Our data also showed that LUI can reduce mean plant height and leaf area, particularly 467 

as a result of urban intensification. Urban intensification caused a greater impact than 468 

agriculture, probably, because it was the most pervasive anthropogenic land-use in the 469 

study area. These impacts may emerge from changes in  landscape fragmentation, local 470 

disturbance and soil degradation (Lee et al. 2006; González-Moreno et al. 2013), which 471 

could have been also facilitated by past land-use legacies in the study area (González-472 

Moreno et al. 2017).  473 

Biological invasion caused variable effects, which added to or modified urban 474 

intensification effects, and were partly linked to the functional similarity and 475 

competitive ability differences between invaders and native community (Hejda et al. 476 

2009; Lai et al. 2015). The invaders A. calendula and C. bonariensis, which are annual, 477 

C3, forbs with similar overall and competitive traits (plant height) relative to the native 478 

species pool, caused very different effects, which in any case interacted with LUI. 479 

Despite their similarity, A. calendula caused negative impacts on mean plant height and 480 

leaf area, likely through competitive exclusion (Lai et al. 2015), while C. bonariensis 481 



21 
 

seems to coexist with native species without producing negative impacts, as previously 482 

reported (Prieur-Richard et al. 2002). The resource-acquisitive strategy of A. calendula 483 

based on greater leaf area and root system and, perhaps, its high toxicity to mammals 484 

(Brundu et al. 2015; de la Riva et al. 2019) might have resulted in a greater ability to 485 

compete with native species and avoid grazing. In contrast, the reduced impact of C. 486 

bonariensis could be linked to a more ruderal invasive strategy, which involves a 487 

greater ability to colonise empty sites but not to displace pre-exiting native plants 488 

(Thebaud and Abbott 1995). A. donax, which was the invader with the greatest height 489 

and leaf area, produced negative effects on native communities, which did not interact 490 

with LUI and caused a reduction in taxonomic and functional richness, and mean leaf 491 

area of native communities. A. donax can produce strong reductions of plant and 492 

invertebrate diversity, such as those observed in invaded riparian zones, where it forms 493 

large stands favoured by humid soils (Maceda-Veiga et al. 2016). Surprisingly, the 494 

invasion by Carpobrotus spp. did not cause great negative changes in native taxonomic 495 

or functional richness, as opposed to the results previously reported in coastal systems 496 

(Vilà et al. 2006; Jucker et al. 2013; Castro-Díez et al. 2016). O. dillenii neither caused 497 

strong impacts on native communities, potentially as a nursery effect either from 498 

grazing protection (Opuntia spp. has spines) or habitat amelioration due to increased 499 

soil humidity or wind shelter thanks to canopy protection (Vilà and Gimeno 2003; 500 

Padrón et al. 2011).  Interestingly, Carpobrotus spp. and O. dillenii, the most 501 

functionally distant invaders with a great competitive ability compared to the native 502 

pool of species, were involved in various interactive effects. As occurred in the overall 503 

models, interactions of urban intensification with functionally distant invaders tended to 504 

attenuate functional richness loss due to urban intensification, although mean plant 505 

height declined with LUI more strongly at plots invaded by Carpobrotus spp. A 506 
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potential explanation could be the replacement of LUI-sensitive species by other taxa 507 

showing higher tolerance (Laliberté et al. 2010), which could have mitigated functional 508 

richness loss at invaded plots. 509 

In combination, empirical and null models performed with different datasets 510 

(overall, invader-specific, overall invaded) revealed that taxonomic and functional 511 

richness showed different responses to LUI at control and invaded plots. Thus, while 512 

urban intensification reduced both taxonomic and functional richness through non-513 

random trait clustering for the full dataset  (Laliberté et al. 2010; Pakeman 2011), our 514 

results suggest more complex patterns at invaded plots. In this case, taxonomic richness 515 

declined more strongly in the presence of functionally distant invaders. Besides, mean 516 

plant height was reduced by a non-interacting combination of urban intensification, 517 

increased invader functional distance and competitive ability difference to native 518 

communities. Recent application of the co-existence theory to invasion ecology, 519 

suggests that the competitive exclusion of native species in response to invasion occurs 520 

when competitive ability overwhelms functional similarity, while invaders and native 521 

species with very different traits can coexist (Chesson 2000; Mayfield and Levine 2010; 522 

Lai et al. 2015). In this sense, our results for mean plant height seem to match this 523 

framework, where smaller and functionally distant native plants in comparison to the 524 

invader, seem to occur at invaded plots.  However, our patterns for taxonomic richness 525 

did not fit well these predictions, particularly regarding the greater reduction in 526 

taxonomic richness caused by functionally distant invaders to the native community and 527 

not by those with higher height differences. There are some potential explanations for 528 

this disagreement, which require further research to be tested and confirmed. For 529 

example, some plant species can be extirpated due to a lower fitness caused by 530 

modifications in ecosystem functioning (e.g., pollination, seed dispersal) or properties 531 
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(e.g., soil nutrients or humidity) mediated by the altered trait composition caused by the 532 

functionally distant invader (Vilà et al. 2011; Albrecht et al. 2014). In addition, indirect 533 

competitive exclusion meditated by native species can occur if some of them become 534 

more competitive and dominant in response to the new conditions created by the 535 

presence of the functionally distant invader and high LUI (White et al. 2006; Didham et 536 

al. 2007; Lai et al. 2015). 537 

Despite the fact that coastal vegetation is spatially variable, and that the lack of 538 

abundance data and information on fine soil properties could have limited our results, 539 

we provide novel evidence on the combined effects of LUI and invasion at the local 540 

scale, for which empirical evidence was still strikingly scarce (Didham et al. 2007). Our 541 

results suggest that the interaction between LUI and functionally distant invaders with 542 

higher competitive capacities may result in interactive effects, which may exacerbate 543 

LUI impacts. Although the few studies performed so far found additive effects of LUI 544 

and invasion on native plant communities (Gooden and French 2014), we should be 545 

cautious when suggesting management measures to mitigate LUI and invasion, since 546 

the competitive ability of some invaders can increase with soil nutrient content (Lai et 547 

al. 2015). We should acknowledge that our inference regarding the ecological 548 

mechanisms driving the observed community changes is limited because of the use of 549 

observational data and average trait data from literature, but this could be improved and 550 

addressed in future research. Previous works found that the combined impacts of LUI 551 

and invasion can also alter ecosystem functions, such as pollination, where they result in 552 

additive (Grass et al. 2013) and interactive effects (Bartomeus et al. 2010). Overall, all 553 

the reported changes in plant diversity and trait composition as a result of the combined 554 

effects of LUI and biological invasion are likely to affect food webs and ecosystem 555 

functions delivered by coastal plants and soils (Mokany et al. 2008; Allan et al. 2015; 556 
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Gross et al. 2017), requiring the attention of managers and future research on global 557 

change ecology. 558 

This study represents a first step in addressing the impact of multiple global 559 

change pressures on plant communities. Taken together, our findings demonstrate the 560 

importance of considering the interactive impacts of global change pressures at the local 561 

scale. We showed that the co-occurrence of LUI and biological invasion can cause 562 

variable impacts, which include the reduction of taxonomic and functional richness, and 563 

shifts in community mean traits through additive and interactive effects.  The use of 564 

large databases including different types of invaders along with their functional traits 565 

provides a useful strategy to explore the response of communities to multiple global 566 

change pressures and to provide guidance for a better ecosystem management. 567 
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Table 1. Results of the overall models (n=840) examining the response of taxonomic richness, functional richness, mean plant height and mean 

leaf area to variation in land use intensity (LUI agriculture or urban), presence of invaders (invasion) and the interaction both types of LUI and 

invasion (LUI agriculture x invasion, LUI urban x invasion). Model parameters (SES) and their significance are shown for each model 

(Significant terms are indicated with asterisks: * p<0.05, ** p<0.01, ***p<0.001). Goodness-of-fit is also shown for the fixed factors (r2
m) and 

fixed plus the random factor plot pair (r2
c) (see Data Analysis for more details). Intercepts and results for percentages of dune and wetlands 

habitats have been not shown for simplicity. See Online Resource 6 to see the full table. 

 Response variable LUI 

agriculture 

LUI 

urban Invasion 

LUI 

agriculture 

x invasion 

LUI urban x 

Invasion 

r2
m r2

c 

Taxonomic richness -0.195 -0.248 0.049 0.009 -0.232* 0.06 0.69 

Functional richness 0.011 -0.223 0.018 -0.127 0.236* 0.03 0.60 

Mean height 0.121*** -0.057 -0.014 0.069 -0.022 0.13 0.74 

Mean leaf area -0.082 -0.172* 0.070 -0.078 0.048 0.08 0.49 
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Table 2. Results of the invader-specific models examining the response of taxonomic richness, functional richness, mean plant height and mean 

leaf area to variation in land use intensity (LUI agriculture or urban), presence of invaders (invasion) and the interaction LUI urban and invasion 

(LUI urban x invasion). Model parameters (SES) and their significance are shown for each model (Significant terms are indicated with asterisks: 

* p<0.05, ** p<0.01, ***p<0.001). Goodness-of-fit is also shown for the fixed factors (r2
m) and fixed plus the random factor plot pair (r2

c) (see 

Data Analysis for more details). Intercepts and results for percentages of dune and wetlands habitats and RAC have been not shown for 

simplicity. See Online Resource 7 to see the full table. 
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Invader Response variable 

LUI 

agriculture 

LUI urban Invasion 

LUI urban x 

Invasion 

r2
m r2

c 

A. calendula Taxonomic richness -0.280 0.324 -0.374 -0.342 0.24 0.63 

 Functional richness -0.195 -0.164 -0.279 0.142 0.25 0.48 

 Mean height 0.146* -0.096 -0.201*** 0.084 0.22 0.65 

 Mean leaf area -0.134 -0.440*** -0.292* 0.177 0.28 0.54 

A. donax Taxonomic richness -0.257 0.126 -0.515*** 0.204 0.26 0.65 

 Functional richness 0.270 0.175 -0.471* 0.233 0.26 0.60 

 Mean height -0.038 -0.029 0.005 

 

0.12 0.73 

 Mean leaf area -0.154 0.054 -0.577*** 0.080 0.15 0.50 

C. bonariensis Taxonomic richness -0.307* -1.412*** 0.465* -0.183 0.50 0.72 

 Functional richness -0.153 -0.462* 0.139 0.106 0.29 0.62 

 Mean height -0.089* -0.098* 0.051 -0.014 0.56 0.83 

 Mean leaf area -0.055 -0.161 -0.018 0.055 0.38 0.70 
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Carpobrotus spp. Taxonomic richness 0.071 -0.766** 0.013 -0.277 0.29 0.56 

 Functional richness -0.037 -1.079*** 0.255 0.753** 0.30 0.64 

 Mean height 0.090 -0.136 0.349*** -0.205* 0.20 0.43 

 Mean leaf area 0.112 0.090 0.931*** -0.372 0.12 0.33 

O. dillenii Taxonomic richness -0.312 0.393 0.293 -0.158 0.21 0.81 

 Functional richness 0.483 -0.528 -0.378 0.676** 0.11 0.77 

 Mean height -0.083 0.303** 0.012 -0.013 0.66 0.99 

 Mean leaf area -0.053 0.124 -0.122 0.219 0.11 0.41 

 

 

 

 

 

Table 3. Results of the overall models at invaded plots (n=445) examining the response of taxonomic richness, functional richness, mean plant 

height and mean leaf area to LUI (agricultural or urban), invader-native functional distance (Invader distance), the interaction LUI urban and 

invader-functional distance and (LUI urban x Invader distance), along with mean plant height differences between the invader and native 

communities (Height difference) and the interaction LUI urban and Height difference (LUI urban x Height difference). Model parameters (SES) 
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and their significance are shown for each model (Significant terms are indicated with asterisks: * p<0.05, ** p<0.01, ***p<0.001). Goodness-of-

fit is also shown (r2) (see Data Analysis for more details). Intercepts and results for percentages of dune and wetlands habitats have been not 

shown for simplicity. See Online Resource 9 to see the full table. 

Response variable 

LUI 

agriculture 

LUI 

urban 

Invader 

distance 

Height 

difference 

LUI urban x 

Invader distance 

LUI urban x 

Height 

difference 

r2 

Taxonomic richness -0.164 -0.395** -0.380** 0.163 -0.252* 0.002 0.26 

Functional richness 0.048 0.015 -0.134 0.136 -0.021 0.156 0.15 

Mean height 0.051 -0.109** -0.068* -0.395*** 0.043 -0.044 0.34 

Mean leaf area -0.029 -0.136 -0.136 -0.132 0.045 0.004 0.12 
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Figure captions 

Figure 1 The combined effects of land-use intensification  (LUI) and invasion on a) 

taxonomic richness, b) functional richness, c) mean plant height and d) mean leaf area  

for the overall dataset (n=840) in invaded and non-invaded plots (light orange dots and 

light blue triangles, respectively). Solid blue lines represent the fitted values at control 

plots, and orange solid lines represent fitted values at invaded plots. Color version of 

this figure is available online. 

 

Figure 2 The interactive effects of urban intensification and invasion on functional 

richness of a) Carpobrotus spp. and b) O. dillenii and c) mean plant height of 

Carpobrotus spp. in invaded and non-invaded plots (light orange dots and light blue 

triangles, respectively). Solid blue lines represent the fitted values at control plots, and 

orange solid lines represent fitted values at invaded plots. Color version of this figure is 

available online. 

 

Figure 3 The combined effects of LUI and invasion on a) taxonomic richness, b) 

functional richness, c)  mean plant height and  d) mean leaf area for the overall dataset 

at invaded plots (n=445). Solid blue lines represent the fitted values where invaders 

showed either low functional distance (Low dist.) or low height difference (Low height 

dif.) to native communities. Orange solid lines represent fitted values where invader 

showed either large functional distance (Large dist.) or large height difference (Large 

height dif.) to native communities. Color version of this figure is available online. 
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